Abstract-The reworking response (bioturbation) of the oligochaete Lumbriculus variegatus was measured by following the burial rate and spread of a 137 Cs marker layer translating worm activity into a biological burial rate (W b ) and a biological diffusion rate constant (D b ) for surficial sediment mixing. Reworking was measured at 10 and 22ЊC in two sediments: a reference site sediment dosed with 3,4,3Ј,4Ј-tetrachlorobiphenyl (TCBP) and a field-collected sediment from a polychlorinated biphenyl (PCB)-contaminated site in Dicks Creek (DCC, Middletown, OH, USA). The body residue associated with response to TCBP also was determined. Reduction in the temperature from 22 to 10ЊC reduced both W b and D b by a factor of approximately two. The internal TCBP concentration to reduce the W b by 50% was 96 nmol/g (95% CI 45-225 nmol/g) and 124 nmol/g (40-547 nmol/g) (28 and 36 g/ g) wet weight at 22 and 10ЊC, respectively, and was independent of temperature. The W b for the DCC sediment was lower than observed for the highest TCBP treatment. The internal body residue for total PCB for worms exposed to DCC sediment was 20-fold lower than TCBP in worms exposed to the lowest TCBP treatment on a molar basis. Comparing body residues of total PCB to TCBP assumes that the PCB congeners act additively on a molar basis. The DCC site contained a higher proportion of coarse material and a lower organic carbon concentration. The difference in sediment characteristics was assumed to be responsible for differences in the W b .
INTRODUCTION
Our ability to understand and interpret the impact of environmental contamination is limited by the types of bioassays that are available, particularly for sediment contamination [1, 2] and our ability to make connections between the laboratory results and field observations, which generally depend on a weight of evidence approach [3] . Two approaches, the continued development of bioassay systems to provide measures of chronic response and use of bioaccumulated residue as the dose metric, should provide more tools for interpretation of observed environmental impacts.
Bioturbation is an important ecological process by infaunal organisms that mixes the sediments (as reviewed by Mulsow et al. [4] ) and has been shown to be a sensitive indicator of contaminant effects [5] [6] [7] . Bioturbation results from the feeding behavior of the organism, particularly conveyor belt feeders that feed at depth and defecate at the surface, and the movement of the organism through the biologically active zone of the sediment creating diffusive mixing. The conveyor belt feeding behavior helps to retard the long-term burial of contaminants and other constituents while providing short-term mixing in the biologically active sediments. The diffusive mixing spreads out recently deposited material in the biologically active zone of the sediment. The rate processes can be measured by following a 137 Cs-labeled marker layer placed on the sediment surface through time as it is buried by the feeding * To whom correspondence may be addressed (peter.landrum@noaa.gov).
action of the worms (biological burial rate [W b ]) and mixed into the surficial sediments [8] . The impact of contaminants on freshwater oligochaete W b s has been examined for fluoranthene [7] and endrin [5, 6] . This study extends the work to a polychlorinated biphenyl (PCB) congener.
In addition to developing new bioassays for determining the impact of sediment-associated contaminants, development of data to establish a connection between laboratory studies and in situ bioassays or expected contaminant impacts in native populations would be advanced by adding body-residue-effects data as a line of evidence in a weight-of-evidence approach. The use of body residue as a dose metric was espoused by McCarty [9] and its potential for use in risk assessment set forth by McCarty and Mackay [10] . In most cases, the data in the literature use mortality as the endpoint for consideration. However, a few studies have examined development time, growth, and reproduction to assess sublethal chronic responses [7, 11, 12] . The use of chronic measures is expected to better reflect the conditions that occur in the environment. Because organisms, particularly benthic organisms, spend large portions of their life cycle exposed to contaminated sediments, the body residue provides a better measure of actual exposure than the sediment concentration because interpreting bioavailability remains problematic.
Oligochaetes are particularly useful organisms for investigating the bioaccumulation of contaminants, because they typically inhabit sediments that generally are considered to be polluted. Thus, they will likely survive exposure to contaminated sediments, allowing the collection of live organisms for body residue determination. The oligochaete Lumbriculus variegatus has been selected as the freshwater organism of choice for performing bioaccumulation assessment [2] . Further, previous studies demonstrated that exposure of this species in the laboratory correctly reflects the concentrations found in fieldcollected oligochaetes [13] . Thus, if sensitive chronic endpoints can be related to the concentration of contaminants in L. variegatus, comparisons could be made to either the concentrations observed in the field or the concentrations and responses measured in this species exposed in situ.
To study the connection between the laboratory exposures and field exposures, a site of interest was selected from Dicks Creek (Middletown, OH, USA) because of other studies attempting to characterize the contamination in that system. Dicks Creek is known to have historic contamination resulting from steel production and an industrial landfill leakage. The sediment is known to contain polycyclic aromatic hydrocarbons (PAHs), PCBs, and heavy metals [14] . The heavy metals are not considered a major toxicological problem because of the hardness of the water (CaCO 3 600-700 mg/L; A. Burton, Wright State University, Dayton, OH, USA, personal communication). The selected contaminated study site (total PCB 504 ng/g dry wt [14] ) near the U.S. Geological Survey gauging station just west of Yankee Road Bridge (Middletown, OH, USA), is downstream from a known PCB source. In situ exposures of L. variegatus demonstrated mortality between 1996 and 1998 [14] . The survival at this site was low (Ͻ10% after four weeks of exposure) for caged organisms that were in contact with the sediment [14] . The PCB contamination was thought to be the proximal cause of the observed response.
The objectives of the study were to examine the utility of bioturbation (reworking) measures as a sensitive indicator of effects for a PCB congener in L. variegatus exposed to laboratory-spiked and field-collected sediments, to establish the body-residue effect relationship for these sublethal measures, and to examine the utility of the body residue data to expand the line of evidence for assessing the exposure to the contaminated site sediment and for the observed toxicity found for previous in situ studies.
MATERIALS AND METHODS

Chemicals
14 C-3,4,3Ј,4Ј-tetrachlorobiphenyl (specific activity 12.5 mCi/mmol) was purchased from Sigma Chemical (St. Louis, MO, USA). Unlabeled TCBP was purchased from Chem Services (West Chester, PA, USA). Stock solutions were made up in acetone with 9 Ci of 14 C compound and the appropriate amount of nonradiolabeled 12 C-TCBP (molecular wt 291.99 g/ mol). Stock solutions were prepared to yield 6,000 disintegrations per minute per gram of dry sediment and sufficient unlabeled compound to create nominal treatments of 2, 8, 20, and 30 g/g dry sediment. Actual specific activities were calculated from the amount of 14 C-and 12 C-TCBP added and the total amount of activity was determined from liquid scintillation counting.
Sediments
Two sediments were collected from the Dicks Creek watershed. The main branch of Dicks Creek, a tributary of the lower Great Miami River (OH, USA), is a 10.5-mi (16.9- The reference sediment was dosed with TCBP using a slight modification of the rolling jar method [15] by adding 0.1% dry weight (ϳ5 g) of sand before evaporating the solvent. The sand creates additional surface area to aid mixing of the contaminant into the sediment. A control sediment was prepared by using the sediment from the reference site in the same manner as the dosed sediments, except only the solvent was added to the jars before rolling. The stocks were added to 1-gal (3.8-L) jars with the quartz sand, the solvent was evaporated, and 2,400 ml (1.837 g dry wt/ml) of wet sediment was added. The sediments were rolled at room temperature for 4 h, stored overnight at 4ЊC, and rolled for an additional 4 h at room temperature. The sediments were subsequently stored for 60 d at 4ЊC.
After 60 d of equilibration, sediment samples (ϳ100 mg wet wt) were taken from each jar, placed in 12 ml of scintillation cocktail (3a70B, RPI International, Mt. Pleasant, IL, USA), sonicated (Tekmar Model TM375 Sonic Disruptor, Cincinnati, OH, USA) for 60 s, and allowed to stand overnight before counting. The samples were counted on a Packard Tri Carb model TR2500 scintillation counter (Packard Instrument, Meriden, CT, USA) and were corrected for quench by using the external standards ratio method after subtracting background. Actual concentrations were determined from the amount of activity per gram and calculated from the new specific activities for each concentration.
The sediment organic carbon content and sediment particle size distribution were determined for both the reference and DCC sediments. Sediment samples (100-200 mg wet wt) were treated with 3 N HCl (2 ml) and agitated for 24 h to remove carbonates and subsequently dried at 70ЊC. A subsample was taken, weighed, and organic carbon was determined on a CE Instruments EA 1110 CHN analyzer (ThermoQuest Italia, Milan, Italy). The particle size distribution of the sediments was determined from a subsample of wet sediment by wet sieving through sieves with the following mesh sizes: 420-, 106-, 63-, 37-, and 20-m diameter. The concentrations of the TCBP and organic carbon for each particle size fraction were determined in the same manner as for the whole sediment.
Organisms
The oligochaete L. variegatus was obtained from the U.S. Environmental Protection Agency, Midcontinent Ecology Division (Duluth, MN). The worms were cultured in a 38-L aquarium with a substrate of shredded, unbleached paper towel. The culture was maintained at room temperature under gold fluorescent light. The paper towel was presoaked in well water before being added to the aquarium. Approximately 5 to 8 L of well water was passed through the aquarium daily and the aquarium was well aerated. The culture was fed twice a week with approximately 3 g of ground trout chow.
The organisms for studies at 10ЊC were acclimated by removing a subpopulation from the culture and placing them in a smaller aquarium at 20ЊC. The temperature was lowered about 1.5ЊC per day until reaching 10ЊC. The population was kept at 10ЊC for one week before exposure to the contaminated sediments. The organisms were housed with shredded paper towel and fed trout chow similar to the original culture.
Reworking study
Triplicate cells (3 ϫ 5 ϫ 30 cm) for each treatment, the control, and the DCC sediment were filled to approximately 15 cm depth (one half of their height) with 250 ml of wet sediment. The cells were constructed from glass plates assembled with aquarium-quality silicon sealant. In addition, a control with no worms (to account for compaction due to settling during the course of the experiment) was run as a single replicate. A single replicate for this settling control was considered acceptable based on previous studies and was necessary because of space limitations in the aquaria. Huron River water (Dexter, MI, USA, at the Hudson Mills Metropark; hardness CaCO 3 at 165-250 mg/L, alkalinity CaCO 3 at 170-250 mg/L, and pH 8.1-8.3 measured over the course of several studies) was added to the top of the cells, and the cells were immersed in temperature-controlled (22 Ϯ 1ЊC) aquaria. The water level was about 5 cm above the top of the cells. Individual cells were aerated after the third day for the 22ЊC study, when it became clear that aeration of the aquaria alone was insufficient to maintain adequate water quality in some cells. For the 10ЊC study, individual cells were aerated over the course of the entire study. The cells were dosed with a thin submillimeter layer of 137 Cs (ϳ1 Ci per cell) sorbed to illite clay. The clay was added to the top of the sediment in each cell by allowing a suspension of illite to settle onto the sediment column. This resulted in a layer of clay that was just visible on the top of the sediment (Ͻ0.5 mm). The cells were allowed to stand for 2 d and then were scanned vertically to establish the initial peak height and width for initial gamma activity in each cell. Thereafter, 75 worms were added to each cell (except for the settling control cell). This density is equivalent to 50,000 worms/m 2 , similar to that used previously for reworking rate studies [5, 6] , and is far less than maximal densities of oligochaetes observed in freshwater environments of 10 6 /m 2 [16] . The cells were scanned vertically every 2 d for the duration of the experiment. The worms were not fed during the course of this study.
The vertical position and band spreading of the gamma activity were determined in each microcosm by using a gamma scan system, which has been described previously [17] . For these experiments, an upgraded automated system was used that consisted of a well-collimated sodium iodide detector supported on a mechanically driven elevator platform capable of precise, repeatable movements (0.1-mm accuracy and repeatability) in both x-and y-axes [18] .
At the end of the experiment (24 d at 22ЊC and 26 d at 10ЊC), the overlying water was removed, and one side of each cell was removed by using a razor blade to cut the silicon sealant to access the sediments. In cells containing worms, the top 5 to 7 cm of sediment was removed and the worms were recovered by gently wet-sieving (355 m). The worms were rinsed into a pan, separated from the residual sediment, counted, and placed in small beakers containing Huron River water for 6 h to evacuate their guts [19] . The worms were separated into subsamples, blotted dry, weighed, and placed in scintillation cocktail. The worms were shaken with the cocktail, which serves as an extracting solvent, and allowed to stand for 24 h before counting. The amount of radioactivity was determined as above for the sediments. Contaminant concentration was determined based on the total radioactivity and the new specific activity of the stock solution. Samples of worms after gut purging and sediment for PCB analysis were weighed and kept frozen at Ϫ20ЊC until analysis (Ͻ40 d).
The lipid content of the worms was determined on day 0 from the culture and at the end of the exposure. Worms to be analyzed for lipids were placed in plastic weighing boats after evacuating their guts, and dried in a desiccator under a nitrogen atmosphere. The dry weight of the worms was determined, and they were transferred to 16 ϫ 100-mm glass culture tubes to determine lipid content. The lipid content was determined spectrophotometrically by the method of Van Handel [20] . In brief, the lipids were extracted twice with 0.5 ml of chloroform: methanol (1:1, v/v), the extract was reduced to dryness at 100ЊC, 0.2 ml of 95 to 98% sulfuric acid was added, and the samples were heated at 100ЊC for 10 min. The color was developed by adding 5 ml of vanillin-phosphoric acid reagent, and the color was read after development at 525 nm. Soybean oil was used to develop the standard curve by creating solutions of 5 to 300 g. An artificial plankton (Argent Chemical Laboratories, Redmond, WA, USA) of known lipid content based on gravimetric lipid determination [21] was used as an internal laboratory standard to insure performance of each analysis.
Interpretation of gamma scan profiles
Because the detector system is well-collimated, a scan of a thin layer of gamma-emitting material produces a net counting rate profile, which has a Gaussian functional form [17] 2 2
Thus, each profile can be described in terms of three parameters: the depth of the maximum counting rate (z max ) in cm, the width or spread in the profile ( obs ) in cm, and the maximum counting rate (R max ). Independent least-squares fit of a Gaussian function to cell profiles provides an acceptable representation of the data. The observed spread in the gamma distribution ( obs ) is due to a combination of the actual spread in the distribution of tracer in the microcosm (), which increases with mixing, and the optics of the detector system ( o ). This latter value (0.04 cm) was determined by scanning an extremely thin layer of tracer embedded in a plastic medium. A correction for detector optics is obtained by using the semiempirical relation The three Gaussian parameters may be related to interactions of organisms with sediments. Layers of radiolabeled sediment in experimental microcosms are altered by feeding and locomotory activities of introduced infaunal benthos. First, thinlabeled layers will spread vertically as organisms mix sediments. This process has often been successfully treated as small-scale diffusive in character [22] and measured in terms of a bulk sediment mixing coefficient, D b . It can be shown Fig. 1 . Percent distribution of the particle mass, 3,4,3Ј,4Ј-tetrachlorobiphenyl (TCBP), and organic carbon in the reference sediment on a particle-size basis.
[23] that 2 ϭ D b t, where t is the time elapsed since the start of the experiment. Hence, in this study, D b is obtained as the slope of 2 versus time. Second, infaunal feeding will remove radiolabeled sediments from initial layers and distribute them to other parts of microcosms, particularly to the surface for head-down feeders. Although the absolute amount of tracer is not easily determined by the scanning method, it is proportional to the product R max . For the present study, because only one layer was used, and feeding generally occurred below this level, no feeding activity could be determined. Third, in the case of head-down deposit feeders such as L. variegatus, which feed well below the sediment-water interface under natural conditions, a marked layer at depth z above their zone of feeding will be displaced downward as ingested sediments are removed and redeposited at the surface. The rate of layer burial is measured as W b ϭ dz max /dt [8, 24] . Thus, the effects of TCBP on bulk sediment feeding can be measured by W b .
Analysis of sediment and worms for total PCB
The reference and DCC sediments and their exposed worms were analyzed by gas chromatography with electron capture detection for total PCB for comparison with the TCBP-treated sediment. The extraction and sample preparation procedures generally followed those outlined by Van Hoof and Hsieh [25] . Sediment samples were thawed at 4ЊC overnight and then brought to room temperature. Wet sediment (30 g from each sample) was extracted for PCB analyses. Three additional subsamples from each sediment were taken for dry-to-wet weight ratios.
Sediment for extraction was mixed with ashed sodium sulfate (Na 2 SO 4 ) to remove excess water before adding methylene chloride (MeCl 2 ). The PCB surrogate standards (congeners 14, 65, and 166, Ultra Scientific, North Kingstown, RI, USA) were then added to the samples for recovery determination. Samples were sonicated at 60 Hz and 30ЊC for 1 h with a Branson model 8210 ultrasonic water bath (Danbury, CT, USA). Extracts were held for 24 h at 30ЊC followed by sonication for an additional hour. The solvent was filtered through glass wool, and the extracts were concentrated by a combination of Kadurna-Danish evaporation (Organomation, Berlin, MA, USA) and nitrogen gas volume reduction. Methylene chloride was then exchanged with hexane before sample cleanup.
Extraction procedures for L. variegatus were similar to those for sediment, except that the sample was ground in a beaker with a spatula and Na 2 SO 4 . Dry-to-wet weight ratios were not determined, because the PCB body burdens were expressed on a wet weight basis.
All sample extracts were cleaned on columns containing 10% deactivated alumina and 3% deactivated silica to separate the PCBs from interfering compounds. The PCBs were eluted from the column with 35 ml of hexane. The PCB fractions collected were then reduced in volume by nitrogen evaporation before being spiked with the appropriate internal standards (PCB congeners 30 and 204, Ultra Scientific) for gas chromatography analysis.
The PCB fractions from sediment required treatment with activated copper to remove sulfur, which interferes with instrument analyses. Copper was activated by exposure to concentrated HCl. Before adding activated copper to the sample extracts, the HCl was removed from the copper via stepwise washes with methanol, MeCl 2 , and hexane.
Quality-control samples included laboratory reagent blanks, laboratory replicates, and matrix spike samples. The matrix samples were comprised of down-core, preindustrial sediment and tissue from Tubifex fortified with target analytes. Tissue from Tubifex also was run as a blank with samples of L. variegatus.
Procedures for PCB analyses generally followed those outlined by Van Hoof and Hseih [26] . Analyses for total PCB mass were performed on a Hewlett-Packard model 5890 gas chromatograph equipped with a 63 Ni electron capture detector, splitless injector, autosampler, and a DB-5 60-m ϫ 0.25-mm (inner diameter) fused silica capillary column with a 0.1-m film thickness (J&W Scientific, Folsom, CA, USA). The oven temperature program was as follows: 100ЊC at 0 min, 100 to 265ЊC at 1ЊC/min, and 265 to 300ЊC at 20ЊC/min [26] . Congeners were quantified by using multilevel calibration solutions of a mixed Aroclor standard quantified by M. Mullin (U.S. Environmental Protection Agency, Grosse Ile, MI). All chromatographic data were evaluated for quality based on recovery of the surrogates and matrix spikes.
Statistics
Linear and nonlinear regressions were performed with Scientist (Ver 2.01, MicroMath Scientific Software, St. Louis, MO, USA) or Systat (Ver 8.0, SPSS, Chicago, IL, USA). Comparisons of slopes, intercepts, and means used a Student's t test. Confidence intervals (95%) were calculated for estimates from the linear regressions by using an inverse estimation approach [27] . All values were considered significant at p Ͻ 0.05.
RESULTS
Sediment characteristics
The TCBP-dosed sediments used in these studies were approximately 56% (Ͼ420-m-diameter) coarse sand with a 12% fine fraction (Ͻ20-m diameter) that supported the binding of the contaminants (Fig. 1) . The organic carbon content for whole reference sediment was 0.3% (range 0.29-0.32%). The TCBP spiked to the reference sediment was distributed primarily on the Ͻ20-m fraction (80%) although about 10% was found on the fraction of sediment that was Ͼ105 m (Fig.  1) . The DCC sediments contained 0.093 Ϯ 0.008% organic carbon. The particle size distribution consisted of 99.8% coarse material and 0.2% fine material. Thus, the DCC sediment had a much greater amount of coarse particles compared to the reference sediment. P.F. Landrum et al. 
Contaminant accumulation
Accumulation of TCBP by L. variegatus increased with increasing treatment concentration ranging from 26 to 87 nmol/g at 22ЊC and 17 to 94 nmol/g at 10ЊC (Table 1) . However, the bioaccumulation factor (BAF; TCBP concentration in the worms divided by the concentration in the sediment at the end of the experiment) declined with increasing treatment concentration, ranging from 3.8 to 0.9 at 22ЊC and 2.4 to 1.1 at 10ЊC ( Table 1 ). The amount of accumulation from the dosed sediments was very similar between the 22ЊC and 10ЊC experiments, as were the BAF values. The concentration of total PCB accumulated from the reference sediment was low, more than 50 times lower than that accumulated from the DCC sediment and well over 200 times lower than the lowest treatment of TCBP on a molar basis ( Table 1 ). The worms exposed to the DCC sediment had concentrations that were four to seven times lower than the lowest TCBP treatment comparing total PCB to TCBP on a molar basis ( Table 1 ). The BAF for the reference and DCC sediments ranged from 1.2 to 5.3. Overall, the range of BAF values was comparable among the treatment, reference, and DCC sediments ( Table 1 ). The worms in this study had an average lipid content of 9.2 Ϯ 0.7% dry weight and a dry to wet weight of 0.169 Ϯ 0.011 (n ϭ 30), which did not vary with TCBP exposure or with sediment type (e.g., reference site or DCC site).
Reworking rates
The gamma-scan measurements yielded two measures of biological activity: biological burial rate (W b ), often referred to as bioturbation rate or reworking rate; and biological diffusion rate (D b ). The W b is the rate at which the 137 Cs marker layer is buried in the sediment by the conveyor-belt feeding behavior of the worms (Fig. 2A) . The D b is the rate of apparent diffusive mixing resulting from the movement of the worms within the marker layer (Fig. 2B) . The rate of burial of the 137 Cs marker layer was linear for this sediment over the range of about 150 to 250 h, depending on the cell. Although variation occurred among cells in the duration of measurable burial, the time at which the burial stopped, about 150 to 250 h after introduction of the worms to the cells, was not dependent on concentration (Fig. 2A) . This is contrary to studies with other sediments where the burial of the marker layer by L. variegatus continued throughout the study [7] . The rate of burial measured when using the first 150 to 250 h of data generally declined with increasing treatment concentration ( Table 2 ) except for the 8-g/g treatment at 22ЊC, which had a much greater burial rate than the control. The slowest burial rate was found for the DCC samples. The W b was smaller at 10ЊC by about a factor of two compared to 22ЊC (Table 2) . At 10ЊC, the pattern was similar to that at 22ЊC, except that the burial rate for the 8-g/g treatment was more in line with the general trend of decreasing W b with increased TCBP exposure. As above, the burial rate for the DCC sediment was the lowest and about equivalent to the 30-g/g treatment despite the much lower PCB concentrations in both the worms and sediment ( Table 1) . The connection between the laboratory studies and the contaminated site (DCC) or the previous in situ studies is best established by developing a relationship between the body residue and response. The W b appeared to decline with increased TCBP concentration at both 22 and 10ЊC (Fig. 3) . Linear regression for 22ЊC did not include two replicates from the 8-g/g treatment, because those were shown in a preliminary analysis to be statistical outliers. These regressions led to an estimate of the body residue required to reduce the W b by 50% of 96 nmol/g (95% CI, 45-225 nmol/g) and 124 nmol/g (95% CI, 40-547 nmol/g) in the worms at 22 and 10ЊC, respectively. Further, when the ratio between the response at a given exposure and the control were calculated, the resultant ratio exhibited a linear decline with a single slope regardless of temperature (Fig. 4) .
The internal body residues from the exposure to the DCC site were low, approximately 4.5 to 7 times lower than the lowest TCBP treatment on a molar basis (Table 1 ). Yet, W b was similar or lower than that for the 30-g/g treatment, which translated into a body residue difference that was 22 to 24 times lower in the worms exposed to the DCC sediment for a similarly reduced W b .
The D b was nearly constant across treatments for the 22ЊC experiment, with the exception of a lower value for DCC sediment and greater values for the 8-g/g treatment ( Table 2) . The worms at 8 g/g seemed to be stimulated as reflected both in the burial rate and the diffusion rate ( Table 2 ). The mechanism for this stimulation is not known but was consistent across the cells, although the coefficient of variation was larger at this treatment level than for the other treatments except for the control (Table 2) . At 10ЊC, the pattern was generally the same except that no apparent stimulation occurred with the 8-g/g treatment ( Table 2) . Although burial of the 137 Cs marker layer tended to end after about 150 to 250 h, biological diffusion continued to increase over the course of the whole study (Fig. 2B) . Evidence was found in some of the cells that diffusion was slowing toward the end of the study (after 400 h).
Overall, the D b did not seem to be affected by the amount of TCBP accumulation in the worms.
The number of worms found in the cells at the end of the experiment at 22ЊC was larger at all treatment levels than the 75 added to the cells initially. Lumbriculus variegatus reproduces by architomic fragmentation and was successfully reproducing. No apparent differences were found among treatment levels (Table 1) . Further, no difference was found between the DCC sediment and the laboratory-dosed sediments in terms of the number of worms found at the end of the experiment. At 10ЊC, the number of worms at the end of the experiment was the same as that added at the beginning and as with the 22ЊC temperature, no difference was found among any of the sediment treatments, including the DCC sediment.
DISCUSSION
The W b declined with increasing TCBP concentration. This is similar to that observed for the response to organochlorine stressors for other oligochaetes [5, 6] and a polychaete [4] . However, this is opposite to what was observed when L. variegatus was exposed to fluoranthene [7] . When L. variegatus was exposed to fluoranthene in sediments from the Little Scioto River (Green Camp, OH, USA), two differences were found from the response observed with TCBP. Lumbriculus variegatus not only showed an increase in W b with increasing fluoranthene concentration, but the burial of the 137 Cs marker layer was essentially linear over the full course of the study, from 400 to 450 h [7] . The reason for the cessation of burial in this experiment compared to the fluoranthene exposures may be due to sediment characteristics. The sediment in this study was definitely more coarse and had a relatively low organic carbon content (0.3%). In the fluoranthene experiment, the sediment was richer in organic carbon than in this study (ϳ2% organic carbon) and about 35% of the sediment mass was very fine particles. Thus, in the sediment in the present study, the worms may have processed all the fines down to their maximum feeding depth by the time the exposure was half over. The characteristics of the sediment apparently were not sufficient to affect the health of the organisms over the course of the exposures, because the lipid content was essentially unchanged from the culture conditions, and the number of worms found at 22ЊC was greater than the number added. Thus, the worms were able to survive and reproduce in this sediment. As noted in the introduction, the selection of this sediment was to allow comparison to other studies that occurred in the same system and was not necessarily an ideal sediment for other aspects of the study.
Because comparison to other studies was one goal, establishing the body residue that represented a reduction in W b would help provide a line of evidence free of bioavailability issues. The body residue required to reduce W b by 50% (96 nmol/g at 22ЊC) was much lower than the body residue concentrations required to produce changes in growth and reproduction (386 nmol/g) or mortality (lowest-observed-effect concentration, 880 nmol/g) when using 2,4,2Ј,4Ј-TCBP [11] . Thus, W b is a sensitive indicator for response to TCBP by L. variegatus, requiring about 10-fold lower concentration to affect feeding compared to mortality. Although sensitivity of response cannot always be tied easily to population-level effects, as has so often been attributed to the measurements of biomarkers, we expect that long-term reductions of feeding rate, as reflected in the W b , would have an adverse impact on population. However, this approach has been used to demonstrate population-specific toxicity responses of Stylodrilius heringianus in natural Lake Michigan (USA) sediments [18] .
At the highest exposure concentration of the 22ЊC experiment, the mean body residue was 87 nmol/g, whereas reproduction was not significantly different from the control. This body residue was about fourfold lower than concentrations that had been demonstrated previously to reduce reproduction [11] . Thus, it was not surprising that no response was apparent across treatments for reproduction.
Another interesting feature in the relative response of the worms to TCBP between the two temperatures is the similarity of the body residue concentration required to produce 50% reduction in the W b . In both studies, the body residue required to produce the same fractional reduction in the W b was similar (Fig. 3) . This finding implies that although the absolute rates are depressed at 10ЊC relative to 22ЊC, the receptor concentration required to produce the response is similar.
Reductions in the W b also were found to be a sensitive indicator for the response of S. heringanius to exposure to endrin-contaminated sediment; W b required a sediment concentration that was five orders of magnitude lower than that for mortality at 96 h and two orders of magnitude lower than that for effects on growth [5] . Unfortunately, body residue concentrations of endrin were not determined in this study, so comparisons to body residue could not be made. In a similar set of experiments with Heteromastus filiformis (a polychaete), approximately 37 nmol/g of DDT was required to reduce W b by 50% [4] . This lower relative concentration of DDT to affect H. filiformis compared to the concentration of TCBP to affect L. variegatus is not surprising, because DDT has a neurotoxic mode of action, whereas that for the TCBP is not known. Overall, low concentrations of chlorinated compounds in sediment and organism residues are required to produce changes in the feeding behavior of benthic worms as measured by changes in the W b .
Consensus-based concentrations for the effects of PCBs in sediments to benthic invertebrates have been advocated based on a wide range of toxicity tests to yield a consensus-based threshold effect concentration of 0.04 Ϯ 0.054 mg/kg dry weight of sediment, a median effect concentration of 0.40 Ϯ 0.33 mg/kg, and an extreme effect concentration of 1.7 Ϯ 2.0 mg/kg [28] . The concentrations used in this study were expected to promote severe biological impacts in benthic invertebrates. However, for L. variegatus, only changes in W b were observed at these concentrations. The absence of effects can be confounded by the bioavailability of sediment-associated compounds. In this case, the compounds appeared to be bioavailable because the BAF, although it declined with increasing treatment concentration (Table 1) , was generally in the range of 1 to 4, and the organisms exposed to the higher sediment concentrations had higher body residue concentrations. The reference (control) sediment (0.003 mg/kg) and DCC sediment (0.46 mg/kg) were at much lower contaminant concentrations than the laboratory-dosed sediments, while the BAF values were in a similar range. Thus, between the laboratory-dosed and the environmentally resident contaminants, the bioaccumulation was of similar magnitude to the observed sediment concentration. The two environmental samples were in ranges that would be predicted to be below the threshold effect concentration for the reference site and near the median effect concentration for the DCC site. Overall, L. variegatus did not appear to respond to these sediments at levels that have been demonstrated to affect other organisms. The absence of re-sponse for L. variegatus was consistent with the observed bioaccumulated residue required to elicit a response to PCB congeners in another study [11] . Overall, this suggests that L. variegatus is relatively insensitive to PCB toxicity.
Worms exposed to the DCC site clearly had very low W b s and correspondingly low biological diffusion rates for the 137 Cs marker layer. The concentrations of PCB in the worms at the end of the exposures were low compared to the lowest TCBP treatment on a molar basis (Table 1) . Thus, the response observed in the DCC sediment was likely not solely from bioaccumulated PCB, assuming that all the congeners act in an additive fashion with a consistent mechanism of action. The observed response was more likely due to differences in the characteristics of the sediments, the presence of other contaminants, the interactions among contaminants (additivity or synergism), or a combination of these. Likewise, the sediment had a larger fraction of coarse material, further supporting the concept that sediment characteristics contribute to the observed differences. Previous work demonstrated the effects of both sediment characteristics and temperature as habitat features that affect both feeding rate and reproduction in L. variegatus [29] . This is consistent with the concept that organisms are affected by both habitat variation and by the presence of anthropogenic contaminants. This approach using sediment reworking allows evaluation of the interaction of these features.
In situ toxicity tests demonstrated mortality as one of the effects at several of the stations in the Dicks Creek system, including the station used for the DCC sediment collection. The concentration of PCB in the organisms from the in situ exposures ranged from 1.2 to 40 nmol/g [14] , which is lower than the highest TCBP concentration measured in this study. Based on this study of a single PCB congener, the finding of mortality is inconsistent if one assumes that all PCB congeners are acting additively. Thus, the in situ toxicity must be the result of multiple stressors, of which PCB is only one. The study employing the in situ exposures [14] suggested that the observed response was consistent with empirically based sediment-quality guidelines for PCB. The two conclusions of a response in relation to sediment-quality guidelines, and our finding that PCB was not likely the sole stressor are consistent, because empirical guidelines are considered to include response to the environmental mixture of stressors and do not necessarily identify causation. Thus, inclusion of body residue effects data can help sort out causation from correlation.
The use of body residue concentration as the dose metric was very helpful in establishing a line of evidence to the response of L. variegatus. This allowed evaluation of the DCC site sediment run against the dosed reference sediment to determine whether sufficient PCB was present to support the observed change in the W b . In this case, the evidence suggested that the W b in the DCC sediment was more likely the result of the sediment composition than the bioaccumulated PCB. Further, the approach allowed for an assessment of the factors that influenced the in situ results. In this case, the line of evidence suggests that the in situ mortality must have been the result of multiple stressors, of which PCB was not likely sufficient to be the definitive cause based on additive toxicity of the PCB congeners. Finally, the work shows that, as expected, L. variegatus appears to be relatively resistant to nonpolar compounds such as PCB, requiring concentrations in the sediment well above the extreme effect concentration level to elicit even the most sensitive response when bioavailability is not limiting.
